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ABSTRACT

Environmental models are currently used for screening purposes as well as
deterministic and probabilistic exposure assessments. Recently, a number of
modelling scenarios have been developed in the EU and USA to standardize
regulatory assessments of pesticides. Current issues associated with
exposure modelling include selection of input parameters, selection of
models with appropriate transport mechanisms and use of appropriate
modelling endpoints to support regulatory risk assessments.

INTRODUCTION

Environmental fate models are increasingly being used to provide estimates of the
concentrations of agricultural chemicals to support environmental and ecological risk
assessments. This trend has led to the development of a number of standardized models and

modelling scenarios which have been officially endorsed for use in regulatory risk
assessments. This paper provides an overview of the various types of models currently
being used for regulatory assessments and discusses some of the current issues associated
with regulatory modelling.

CURRENT ENVIRONMENTAL MODELS

There are many ways to classify the various types of environmental models. For regulatory
purposes, there are three basic types of models, distinguished primarily by the degree of
sophistication, level of data required and type of result produced:

1) Screening or regression models — relatively simple models based either on
experimental data or the results of more sophisticated models.

2) Deterministic models — moderately to highly complex models with individual
algorithms for the various transport and degradative processes in the environment;
deterministic models are generally run with a fixed set on input values and provide a
single, fixed set of output values.

Probabilistic models — moderately to highly complex models which utilize
distributions of input values and provide distributions or probabilities of various
output values.




Examples of current models

There are currently a wide range of models that have been developed or adapted for
regulatory use. Examples of some of the current model are provided in Table 1.

Screening models are generally relatively simple, require minimal input data and provide
conservative (i.e. high) estimates of likely environmental concentrations. Environmental
concentrations obtained using screening models are useful for initial assessments of the
relative importance of various dissipative/degradative pathways, e.g., leaching or fate in
aquatic systems. Unfavorable risk assessments based on the result of screening models
indicate the need for more refined exposure estimates.

Table 1. Examples of current regulatory environmental models

Model Type (1) Purpose (2) Developer

SCI-GROW S USEPA

GENEEC USEPA

EU Step 1-2* EU-FOCUS

EU Drift Calculator* d EU-FOCUS
TOXSWA d ALTERRA

EXAMS d,p 5 USEPA

PELMO* d,p Fraunhofer Institut
PRZM* d,p gw, USEPA, EU-FOCUS
PEARL* d,p gw RIVM, ALTERRA
MACRO* d,p gw, dr SLU

(1) s = screening, d = deterministic, p = probabilistic
(2) sw = surface water, gw = groundwater, ro = runoff, dr = drainage

* FOCUS versions of these models available at ISPRA (2001).

Deterministic models typically have more extensive requirements for input data but can also
provide more realistic estimates of environmental concentrations than screening models.
Most deterministic models allow the user to provide detailed information on the various
transport and degradation mechanisms and provide a time series of output values which can
be compared to the duration of various ecotoxicological studies.




A common approach to obtaining probabilistic exposure estimates is to perform a series of
deterministic calculations, varying in time (temporal variation) or both time and location
(temporal and spatial variation). A probabilistic assessment based on climatic variations can
be obtained by running the deterministic model for an extended period of time (typically, 20-
30 years) and summarizing the probability of obtaining various exposure concentrations.

A more detailed approach involves varying additional parameters, some of which may be
spatially correlated (e.g. chemical properties, soil type, and climatic data). The results of
probabilistic modelling provide insights into the range and frequency of temporal and spatial
variation in environmental concentrations. Probabilistic results are typically expressed in
terms of exceedence probabilities, reflecting the frequency with which specific
concentrations are observed throughout the range of scenarios being considered

Development of regulatory modelling scenarios

Deterministic and probabilistic environmental modelling requires the use of large numbers
of parameters to appropriately characterize chemical properties and use patterns,
characteristics of the soil profiles, climatic variations, and agronomic practices. In order to
standardize the modelling approaches used for risk assessment, a number of regulatory
modelling scenarios for groundwater and surface water have been developed in the EU and
the USA (ISPRA 2001; FOCUS Surface Water 2001; MUSCRAT 2001).

A single modelling scenario typically consists of a selected soil profile, a fixed set of
agronomic and cropping factors and a fixed meteorological file. To use the scenario, the
user selects an appropriate set of chemical input values and application rates and runs the
model for a specific scenario (combination of crop, soil, agronomic practices and climatic
conditions). = The modelling results can be expressed either deterministically or
probabilistically.

Of necessity, modelling scenarios incorporate a large number of assumptions and include
consideration of various spatial data layers as well as expert judgment. As a result,
environmental concentrations predicted using these scenarios are intended to provide
estimates of environmental concentrations in a range of locations that correspond to the
assumptions made in the scenario. In some cases, the transport mechanisms in the scenarios
studies (e.g. runoff rates and drainage rates) have been calibrated to data from appropriate
field to help ensure the establishment of appropriate driving forces.

One of the major challenges with the creation of fixed scenarios is the determination of the
likelihood of experimentally observing the calculated result. The mean environmental
concentration can be estimated through use of a "typical" scenario and selection of typical
(e.g. mean or median) input values. Less likely environmental concentrations (e.g. "worst
case") can be created through using a series of worst-case assumptions for creating scenarios
and selecting input values, resulting in the creation of an exposure concentration that is
thought to be relatively high but with an unknown probability of occurrence. The problem
with both of these approaches is that the final calculated results have an unknown probability
of occurrence.




Increasingly, probabilistic modelling is being used to help provide more information on the
range of environmental concentrations that can result from normal variations in chemical
properties and use patterns, soil types and climatic data. The use of multiple modelling
scenarios can also provide valuable insights into the variability expected due to location and
time. Probabilistic modelling results can help determine specific environmental settings or
specific use practices that result in concentrations of concern.

CURRENT ISSUES ASSOCIATED WITH MODELLING

With the widespread adoption of modelling as a tool to provide exposure values for risk
assessment, it is appropriate to identify some of the key issues associated with modelling that
can influence the simulated results and impact the resulting risk assessment.

Selection of empirical or non-measured input parameters

Almost all models include input parameters which are either empirical or are not readily
measurable in laboratory or field studies. These parameters can influence the hydrologic
balance in the model (e.g. maximum root depth, maximum plant canopy, pan evaporation
correction factor) as well as the chemical balance (e.g. dispersion length, relative rate of
degradation with depth).

As a result, it is important that models be parameterized using the best available estimates of

these non-measured parameters to ensure appropriate mass fluxes of water and chemical in
the modelling scenarios. This problem is commonly addressed through the developed of
tables of recommended values and/or the creation of regulatory modelling scenarios in which
the empirical and non-measured parameters are fixed.

Selection of chemical input properties

Detailed mechanistic models require a wide range of chemical input data in order to provide
acceptably accurate estimates of concentrations in various environmental compartments.
The chemical data used for regulatory modelling is obtained entirely from required
regulatory laboratory and field environmental fate studies. Most of these studies were not
originally designed to provide modelling inputs and may require some judgment and/or
reinterpretation prior to being used for modelling. In some cases, it may be necessary to
obtain more data than the core regulatory data set to perform environmental fate modelling.

Examples of chemical environmental fate issues that arise in modelling include:

® TFirst-order kinetics are generally required in current models. More complex kinetics
may require reinterpretation using standard first-order equations for use in modelling.

® Modelling of foliarly applied chemicals may require measurement of chemical
degradation and washoff studies which are not routinely conducted for regulatory
submissions.




More realistic degradation rates in aquatic systems may be obtained from studies in
microcosms involving a water column, sediment and aquatic plants in an outdoor
setting.

For some chemicals, it may be necessary to consider sorption kinetics and/or sorption
to matrices other than soil (e.g. macrophytes).

For mobile, slowly degrading chemicals, it may be necessary to measure the variation
of degradation rate with soil depth to obtain reasonable estimates of potential
concentrations in shallow groundwater.

To permit simulation of metabolites, the pathway and kinetics for degradation must be
defined, including the formation of bound residues.

To support probabilistic modelling, it may be necessary to perform additional
laboratory and/or field studies in order to determine an appropriate distribution of
environmental fate values.

Simulation of transport mechanisms

Current models use varying degrees of sophistication to represent the major transport
mechanisms responsible from moving applied agricultural chemicals from one compartment
to another. Key transport mechanisms associated with surface water and groundwater
modelling include spray drift, runoff, drainage and infiltration rates.

Spray drift

Single values of spray drift are commonly obtained from either regression equations or
tables of experimental values. These single values include the effects of crop type as well as
wind speed and direction. The FOCUS drift calculator is based on drift data published by
the BBA (BBA 2000) and adjusts the probability of individual drift events to obtain an
overall 90th percentile probability. In addition, it integrates the drift deposition across the
width of the receiving water body.

Infiltration, runoff and tile drainage rates

The rate of leaching simulated by groundwater models can vary widely depending upon the
assumptions made concerning dispersion coefficients and extent of preferential flow or
macropore flow permitted by the model. Similarly, the rate of runoff simulated by a model
can vary depending upon the soil type, soil moisture, rainfall intensity and the selection of
curve numbers. The rate of tile drainage is a highly site-specific value and is best modeled
by calibrating the rate to actual experimental data. For regulatory modelling, it is
appropriate to create scenarios in which the infiltration, runoff and/or drainage have been
calibrated to representative field studies to ensure appropriate hydrologic responses from the
models.

Scale issues

Current regulatory models focus almost exclusively on simulating in-field and/or edge-of-
field concentrations. However, there are many natural geographic features which can




attenuate offsite movement from agricultural fields. Vegetated filter strips (also called
buffer zones) can reduce both runoff and erosion loadings into adjacent surface water while
catchment-scale processes integrate individual edge-of-field loadings with runoff and
drainage from non-agricultural land. Currently, larger-scale evaluations of pesticide Impacts
on a catchment scale are based primarily on monitoring studies and efforts are underway to
develop appropriate modelling approaches to represent the observed data.

Surface water i1ssues

Most current models represent the hydrology of surface water bodies in a simplistic manner,
using a constant volume together with a constant flow rate in and out of the control volume.
The newest version of TOXSWA being developed by FOCUS will incorporate consideration
of the hydrology of catchments and dynamic water flow rates and depths In calculating
concentrations of chemicals entering ditches, ponds and streams (Adriaanse 2001). For more
slowly flowing water bodies (ditches and ponds), complete sets of PECsw (predicted
environmental concentration in surface water) and PECsed (predicted environmental
concentration in sediment) values can be obtained within minutes. For more dynamic
settings (e.g. streams), the computational times may require several hours.

[ssues in using modelling results in risk assessments

Most current environmental models provide a output series of hourly or daily concentrations
in the compartments of interest. This concentration time series can be highly variable with
dramatic changes from hour to hour or day to day. In contrast, most ecotoxicological studies
are performed either using a constant exposure concentration (e.g. a flow-through aquatic
study) or a single dose which declines over time due to degradation or dissipation/dilution

(e.g. a static aquatic study).

In order to appropriately compare modelling results to ecotoxicological studies, it is
necessary to consider the both the mode-of-action and environmental properties of the
chemical as well as the duration of the effects study. For rapidly-acting chemicals which are
acutely toxic, it is appropriate to compare the initial predicted concentration with the
endpoints from effects studies. For more slowly acting, chronically toxic chemicals, 1t 1s
more appropriate to use time-weighted-average concentrations from modelling that match
the durations used in the effects studies.

When the simulated exposure cencentrations are highly transient, it may be approprate to
consider conducting higher-tier effects studies that evaluate the toxicological response ot
organisms to transient concentrations rather than constant concentirations. In addition, it may
be useful to analyze the simulated exposure profile to determine the frequency with which
organisms are exposed to concentrations that are know to have a biological eftect. Higher-
tiered evaluations such as pulsed-dose studies and time-to-event analyses combine elements
of exposure modelling with the the conduct of effects studies to provide a more realistic
assessment of the toxicological impact of chemicals in the environment.




CONCLUSION

Exposure modelling, supporting field studies and ecotoxicological testing should be
performed in a logical sequence of progressive refinement. The degree of sophistication of
the modelling should match the ecotoxicological data.

It is reasonable to compare the results of screening and deterministic modelling with
standard ecotoxicological endpoints using the concept of a toxicity to exposure ratio (TER).
However, when more refined probabilistic modelling assessments are performed, it is
appropriate to consider developing probabilistic ecotoxicological endpoints for comparison
with these endpoints. Numerous workshops and projects have addressed this probabilistic
risk assessment and regulatory guidance is currently being developed both in the EU and the
USA (EUPRA 2001; ECOFRAM 2001; PELLSTON 2001).
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ABSTRACT

This paper reviews the state-of-the-art of pesticide environmental fate
modelling, emphasizing interactive effects of non-linear and non-equilibrium
processes affecting leaching to groundwater, and the incorporation and
application of this knowledge in simulation models. The paper also highlights
significant gaps in our current understanding of specific environmental
compartments where more research is clearly needed.

INTRODUCTION

Since the early 1970’s, beginning with the pioneering work of Walker (1974) and Leistra &
Dekkers (1976), simulation models have been developed to describe the complex
interactions of physical, chemical and biological processes that determine the environmental
fate of pesticides. Many of these models are now used in the regulatory process by public
authorities, industry and consultants. Models are cost-effective tools, being both cheap and
powerful. At best, they can lead to valuable insights and improved understanding, and also
allow the user to evaluate the likely impacts of alternative mitigation strategies, while
minimizing the need for expensive long-term field experiments. For reasons of cost, field
experiments on pesticide environmental fate can only be carried out at a few research sites,
and usually only for a limited number of years. Without the theoretical framework and
context provided by a model, conclusions that are drawn from the results of such short-term
experiments can often be misleading. The results of field experiments are also strongly
influenced by the prevailing weather and are only applicable to soils of similar properties.
Validated models enable extrapolation of the results of field experiments to strongly
contrasting environmental conditions.

It is impossible to discuss process descriptions in models without defining what the model is
to be used for. Therefore, this paper largely focuses on the prediction of pesticide leaching to
groundwater. However, many of the considerations discussed in this paper will also be
relevant to pesticide movement to surface waters via sub-surface flow and drainage. Loss by
surface runoff and erosion is also mostly outside the scope of the paper, but some of the
discussion relating to generation of macropore flow may also be relevant for surface losses,
since macropore flow can, in some respects, be considered as a kind of ‘subsurface runoff’.
Volatilization is another loss process which is only briefly mentioned, but this is not
intended as a general reflection of its importance.

This paper reviews the state of the modelling art, attempting to answer the following
questions: which processes are important ? What do we know about these processes ? Why
don’t we always make use of this process knowledge ? Where do we need to improve our
understanding ?




OVERVIEW OF KEY PROCESSES

The fate of a pesticide applied to soil depends on the nature and strength of the sources and
sinks, the partitioning between phases in the soil (water, air and solid), and the transport process
itself. The ultimate source of the pesticide is the dose multiplied by the fraction of the application
reaching the soil, which in turn is affected by crop interception, and loss processes such as
volatilization and photolysis. Since leaching responds approximately linearly to dose, even in the
presence of preferential flow, these loss processes at the surface may not be so critical for
leaching predictions. The major sink term for most pesticides is usually degradation. Small errors
in the prediction of degradation, either due to inappropriate process descriptions, or incorrect
parameter values, result in disproportionately large errors in the leaching prediction. This is not
only because the leaching loss is usually very small compared to degradation, but also because
leaching is an exponential function of the half-life, assuming first-order kinetics (Jury et al.,
1987). An accurate description of sorption is also necessary, because partitioning determines the
availability of pesticide for both leaching and degradation. Model sensitivity analyses, both using
the simple ‘one-at-a-time’ method, and also Monte Carlo approaches, show that leaching is
highly sensitive to parameters describing sorption and degradation (Boesten, 1991; Soutter &
Musy, 1999). Preferential flow is also a critical process, since from a regulatory point of view,
we are usually interested in leaching losses of much less than 1% of the applied amount. In many
soils, this is likely to be the result of rapid transport in preferential flow pathways quite
unconnected to the much slower movement of the bulk of the compound (Flury et al., 1994).

PROCESS UNDERSTANDING

In recent years, improved understanding of the complex interaction of processes that govern
pesticide fate has led to linear/equilibrium model concepts being replaced by non-linear, non-
equilibrium approaches. Some examples of this general trend are the use of Freundlich sorption
instead of a linear isotherm, kinetic sorption models instead of equilibrium sorption, non-
equilibrium preferential flow rather than the physical equilibrium implied by Richards equation,
and non-linear degradation models derived by accounting for sorption-degradation interactions
or microbial growth processes, rather than simple first-order kinetics. These more advanced
process descriptions can predict many phenomena commonly observed in field and laboratory
experiments (Richter et al., 1996). For example, ‘two-site” (kinetic/equilibrium) sorption models
predict increases in the apparent sorption constant with time (Walker et al., 1995). Linear kinetic
sorption combined with linear degradation in the liquid phase only (assuming that sorbed
pesticide is not available for biodegradation) leads to a biphasic degradation pattern (e.g. McCall
et al., 1981). A non-linear equilibrium sorption isotherm combined with first-order degradation
in the liquid phase only, leads to a quasi-linear degradation process which may be experimentally
indistinguishable from first-order, but where the (apparent) rate constant is strongly dependent
on the initial concentration (e.g. Walker, 1976). Models which account for microbial population
growth can predict the rapid disappearance of pesticide due to microbial adaptation to repeated
applications (e.g. Walker & Welch, 1990). The most important underlying physical reason for
the non-equilibrium sorption, degradation and transport processes observed is the heterogeneous
nature of the pore space in field soils (Bergstrém & Stenstrom, 1998). Much of the soil pore
volume (microporosity less than c. 2 um in size) is physically inaccessible to microorganisms.
Pesticide diffusing into such small pores is unavailable for degradation, and this slow diffusion
into a sorbing matrix is also largely responsible for the time-dependence observed in sorption,
and ‘biphasic’ departures from first-order degradation kinetics (Scow & Hutson, 1992). Pesticide




residing in micropores is also effectively protected against leaching, since diffusion is slow
compared to the rapid vertical convective transport occurring in the larger pores. Dual- and even
multi-region models have been developed to account for this physical non-equilibrium (Jarvis,
1998), which often results in the accelerated or ‘preferential’ transport of a small but significant
fraction of the pesticide through the unsaturated zone (e. g. Flury, 1996).

This improved process understanding has been incorporated into simulation models designed to
predict the environmental fate of pesticides, including some of those used for registration. For
example, the PEARL model (http://www alterra.nl/models/pearl) includes two-site sorption with
a Freundlich isotherm, in which the kinetic sites are protected from degradation. The MACRO
model (http://www.mv.slu.se/bgf/macrohtm/macro.htm) includes treatment of non-equilibrium
water flow in macropores, Freundlich sorption, and also allows the user to specify separate
degradation rate coefficients for four different ‘pools’ in the soil (solid and liquid phases in
macropores and micropores). Nevertheless, there are few examples of the application of these
more advanced modelling concepts to predict pesticide fate in field soils, even though they
clearly can have a large impact on the outcome. Indeed, the failure to account for non-linear,
non-equilibrium processes is certainly the cause of significant discrepancies between predictions
and measurements in many model applications (Walker, 1976; Thorsen e al., 1998; Beulke et
al., 2000). With respect to regulatory modelling, none of these newer modelling concepts have
really gained a firm foothold, except for non-linear Freundlich sorption. There are perhaps
several reasons for this, but one of the most important is the lack of data and perceived lack of
appropriate tools to parameterize these more advanced process descriptions. In principle, the
tools for parameter estimation do exist, in the form of inverse modelling techniques (Vink et al.,
1994; Dieses et al., 1999; Kiitterer ef al., 2001). The main problem is that more complex model
descriptions require more detailed experiments and more comprehensive data in order to
unequivocally distinguish between the many different process descriptions and parameterisations
that are possible. Two examples of the potential pitfalls in distinguishing different process
descriptions should suffice: Richter et al. (1996) demonstrated that biphasic degradation curves
can be equally well explained by a deterministic model based on linear kinetic sorption and
linear degradation restricted to the liquid phase, and by a model based on first-order degradation
kinetics, but assuming spatial variability of the rate coefficient described by a gamma function
(Gustafson & Holden, 1990). They pointed out that only additional data on the time-course of
bound residues would allow discrimination between the two models. Gaber ef dl. (1995)
demonstrated that both physical non-equilibrium and kinetic sorption influenced the leaching of
atrazine in undisturbed soil columns, and that without the application of a tracer, it would have
been impossible to distinguish between parameters controlling diffusion exchange between pore
regions and parameters controlling kinetic sorption. Indeed, it is well known that the ‘mobile-
immobile’ model of physical non-equilibrium is mathematically identical to a one region flow
model assuming two-site (equilibrium-kinetic) sorption (Nkeddi-Kizza et al., 1984).

KNOWLEDGE GAPS

Soil surface conditions

Tillage affects the ‘roughness’ or microrelief of the soil surface, the number, size distribution and
continuity of large pores, and thus the extent of macropore flow (e.g. Trojan & Linden, 1992;
Brown et al., 1999). Therefore, it may be possible to control preferential flow through soil
surface preparation, but little research has been performed on this topic, even though conceptual
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models of these processes were developed as early as the 1970’s (Dixon & Petersen, 1971).
Microtopography of the soil surface may also play an important role in sandy soils without
macropores. Hydrophobicity of the thin air-dry surface layer will cause small-scale surface
runoff and flow concentration in depressions. Ritsema & Dekker (1995) demonstrated a
significant lateral re-distribution of bromide tracer into preferential regions of the near-surface
soil following just 1 mm of rain soon after application. A related problem is the microtopography
deliberately created by ridge till systems, commonly used, for example, in potato cultivation
(Boesten, 2000), so that infiltration is concentrated to the furrow regions.

Following tillage, the soil surface is exposed to rainfall for several weeks before crop growth
provides effective surface cover. This leads to a consolidation of the cultivated layer and on
susceptible soils, destruction of macroporosity and sealing of the surface. These surface crusts
have significantly smaller hydraulic conductivities, but they are not continuous. Local surface
runoff will occur during rain, leading to concentration of infiltration through non-crusted patches
and dessication cracks. Nothing is known about the influence of this kind of preferential flow on
pesticide leaching, but some preliminary simulations based on measured seasonal variations in
soil surface hydraulic conductivity due to crusting suggest that it may lead to order of magnitude
differences in pesticide leaching from the topsoil (Messing, 1993).

During dry weather, the surface few millimetres of soil quickly becomes air-dry. Sorption is
known to dramatically increase as the soil gets very dry (Hance & Embling, 1979) and this, in
turn, strongly affects pesticide availability for volatilization and perhaps also for leaching by
preferential flow. However, it is difficult to measure moisture effects on sorption of concentrated
pesticide solutions in thin surface layers (Boesten, 2000). Furthermore, numerical limitations in
models, together with a lack of knowledge of near-surface hydraulic properties, mean that the
occurrence of very dry conditions in the surface few millimetres of soil is not easy to simulate.
For these reasons, Boesten (2000) concluded that accurate modelling of volatilization from the
soil surface is impossible with current knowledge and techniques.

Processes occurring at and very close to the soil surface cannot be investigated satisfactorily with
current models. One-dimensional models implicitly assume a flat soil surface, and often employ
a rather coarse spatial discretisation, with computational layers several centimetres thick close to
the soil surface. Two-dimensional models applicable to pesticide fate in the soil unsaturated zone
do exist (e.g. HYDRUS-2D, http://www.ussl.ars.usda.gov/models/hydrus2d.htm), but they do
not account for preferential flow processes. Application of improved two-dimensional models,
including physical non-equilibrium concepts, should lead to a better understanding of the
importance of soil surface conditions for pesticide leaching.

Preferential flow pathways through the root zone

It is important to understand better the properties and functioning of preferential flow
pathways. In recent years, it has become increasingly clear that the location of the pesticide in
relation to the location of the water flow pathways is critical for leaching (Bergstrom er al.,
2001). If a mobile pesticide diffuses into the soil matrix, and is no longer in contact with
water flowing in macropores, then preferential flow may reduce leaching compared to
chromatographic transport (Larsson & Jarvis, 1999). On the other hand, macropore flow soon
after application will dramatically increase leaching of otherwise non-mobile compounds,
because the pesticide mostly resides either at the soil surface or adsorbed to aggregate
surfaces within the topsoil, and is therefore exposed to interaction with the rapidly flowing
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water. In one preliminary study, Larsson & Jarvis (2000) showed in scenario simulations
using MACRO pre-calibrated to a field experiment on a structured clay soil, that the effects of
macropore flow should depend strongly on the overall leachability of the pesticide. However,
much more work is clearly needed to understand the complex interactions of preferential flow
and the sorption and degradation characteristics of pesticides.

The properties of macropore linings and aggregate surfaces are different to those of the bulk soil,
with larger clay and organic carbon contents, better nutrient supply and oxygen status, and larger
microbiological activity, which results in a larger sorption and degradation capacity per unit
mass of soil (Stehouwer et al., 1993; Mallawatantri ef al., 1996). The extent to which this is
important for pesticide leaching is not known. Much should depend on the characteristic time
scales of the processes : macropore flow is fast and degradation is relatively slow, so enhanced
microbial activity in macropores may not be important, although some preliminary studies
suggest otherwise (Pivetz ef al., 1996). The significance of sorption retardation in macropores is
still not clear, but it does not seem too important, probably because flow rates are fast in relation
to sorption Kinetics, and the adsorptive surface area in macropores is small. Field experiments
where leaching in the presence of preferential flow has been monitored for several compounds
applied simultaneously (Kladivko et al., 1991; Traub-Eberhard ef al., 1994) seem to show an
equally fast breakthrough regardless of sorption characteristics, but that concentrations are
clearly dependent on sorption. It is still unclear whether this sorption effect occurs within
macropores during transport, or whether it is a result of the source strength, that is, the solution
pesticide concentration in the surface soil layers where macropore flow is most likely generated.

Subsoil and the deep vadose zone

In contrast to topsoil, very little seems to be known about long-term pesticide degradation and
transport in the deeper vadose zone. Even though sensitivity analysis suggests that different
assumptions concerning subsoil degradation rates may not greatly influence predictions of total
leaching (Boesten, 1991), the long-term persistence of small amounts of pesticide in subsoil may
act as a diffuse source of pesticide for groundwater contamination. This may have implications
for the time required for self-remediation of polluted aquifers. Few studies have investigated the
extent of non-equilibrium preferential flow in the deep vadose zone. In many cases, this may
diminish with depth (e.g. Li et al., 1997), since soil structure generally becomes weaker in the
absence of faunal activity and physical processes like wetting/drying and freeze/thaw. However,
preferential flow can occur to significant depths in some hydrogeological conditions, such as in
fractured glacial till or chalk (e.g. Jgrgensen et al., 1998; Wellings & Cooper, 1983). Preferential
flow in the soil root zone may still be critical even when matrix flow dominates transport at
depth. This is because the attenuation of pesticides by sorption and degradation will generally be
much weaker in the vadose zone (Pothuluri et al., 1990; Moreau & Mouvet, 1997).

Upscaling to the field

One unresolved problem is the extrapolation of results from small-scale experiments to the
field-scale relevant for management caused by the spatial variability of soil properties and
pesticide sorption and degradation characteristics (e.g. Walker er al., 2001). Stochastic
approaches have been applied to this upscaling problem that demonstrate the potentially large
effects of field-scale heterogeneity on leaching (e.g. van der Zee & Boesten, 1991). However,
the results of such analyses depend on both the assumptions underlying the process descriptions
used in the model and on how the model is parameterised. In particular, a lack of information on
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parameter distributions, and especially correlations, has severely limited progress. For example,
many studies have treated the sorption constant and degradation rate coefficient as independent
parameter distributions (Di & Aylmore, 1997), which will almost certainly tend to overestimate
variability in leaching, since sorption and degradation are often inversely related (Cantwell ef al.,
1989). Other studies focus on variability in transport characteristics, but ignore variability in
sorption and degradation because of lack of data (e.g. Wu & Workman, 1999). One dilemma is
that data may exist to characterize parameter distributions in simple screening models (e.g. Jury
et al., 1987), but the process descriptions in these models are in some respects too simple (i.e.
steady flow, no dispersion). In contrast, process descriptions in complex models are much more
realistic, but knowledge of parameter distributions and their correlations is incomplete.

CONCLUDING REMARKS

Great progress has been made in recent years in improving our understanding of the interplay of
non-linear and non-equilibrium processes governing pesticide fate in soils. This improved
knowledge is also recognized in the process descriptions now included in many models, even
though it is not often fully exploited due to lack of data. The challenge now is to design and carry
out the necessary experiments to meet the requirements of more complex models. Poor
predictions of pesticide fate in field soils are often blamed on inadequate process descriptions in
models (models are always simplifications of reality), but are just as likely to result either from a
lack of experimental data leading to errors in model identification and parameterisation, or from
errors due to extrapolation from limited data to the field-scale in the face of soil heterogeneity.
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